Abstract. The objective of most pest management programs is to ''control'' the pest species. However, optimal control of local abundance and population growth may require different management strategies than optimal control of spatial spread. We use coupled demographic-dispersal models to address the relative importance of different management approaches to these two main control objectives for the invasive thistle Carduus nutans. The models are parameterized with data from thistle populations in the native (France) and invaded ranges (Australia and New Zealand). We assess a wide range of commonly used management strategies for their absolute and relative impacts on population growth and spread in both invaded-range scenarios.
INTRODUCTION
Many management programs for pests and weeds are species-specific, with a stated objective to ''control'' the problem species. However, ''control'' can imply a variety of different specific management aims. A majority of studies implicitly or explicitly focus on reducing local population growth rates or density (e.g., Shea and Kelly 1998, Shea et al. 1998 ); relatively few explicitly state a spread reduction objective (e.g., Paynter et al. 1996, Bogich and Shea 2008) . However, it is not immediately clear whether management strategies to control local abundance and population growth of a species are also most suitable to control its spatial spread. A lack of clarity can significantly hinder management efforts. For example, a longstanding debate on the value of seed feeders as agents for weed biological control likely arises from a poor understanding of differences in the weed control goals relating to reduced spread and population suppression (Harper 1977 , Crawley 1989 , Paynter et al. 1996 , Moran et al. 2004 . Prior theoretical work, using simple demographic models and plausible dispersal kernels, has shown that the life history transition with 6 E-mail: k-shea@psu.edu the largest potential impact on the population growth rate may indeed not be the life history transition with the largest potential impact on population spread rate (Shea 2004) . If such results are common or if differences in impacts are large, managers will have to be very specific about their management aims in order to identify appropriate optimal management strategies. Unfortunately, experimental assessments of all possible management strategies are prohibitively complex, both in terms of time and logistics. Assessing for different objectives would only add an extra layer of complexity to the issue. An alternative approach is to assess competing management strategies using simple models; at the least this allows triage of the few most promising strategies ) for field-testing. Demographic matrix models have been particularly influential in this area (e.g., Shea and Kelly 1998 , McEvoy and Coombs 1999 , Mertens et al. 2002 , Emery and Gross 2005 , DeWalt 2006 , Hansen and Wilson 2006 . Recently, methods have been developed that allow these demographic models to be coupled to simple models of dispersal, allowing the estimation of spread rates (Neubert and Caswell 2000) . These advances clearly have practical importance and can be applied to address spread management of invasive species (Neubert and Parker 2004 , Buckley et al. 2005 , Bullock et al. 2008 ) and will be particularly useful in tailoring management to appropriate spatial scales (Pauchard and Shea 2006) .
In this paper, we use such coupled demographicdispersal models to extend this approach to address the relative importance of different management approaches to the two main potential control objectives for the invasive plant Carduus nutans (musk or nodding thistle). A range of commonly used management strategies for this species (including biological control and chemical and cultural practices) are tested in demographic matrix models linked to models of seed dispersal, to assess their potential absolute and relative impacts on local population growth rates and spatial spread. The demography and dispersal models are parameterized with C. nutans data from populations in its native (France) and invaded ranges (Australia and New Zealand).
METHODS
Carduus nutans L. (Asteraceae) is a monocarpic perennial thistle of Eurasian origin. It has invaded the Americas, New Zealand, Australia, and southern Africa, causing significant economic damage (Desrochers et al. 1988 , Popay and Medd 1995 , Shea et al. 2005 , Allen and Shea 2006 . A wide range of approaches is used to manage this species, but the focus of management method comparisons has been on local abundance through suppression of population growth (e.g., Popay and Medd 1995 , Shea and Kelly 1998 , Huwer et al. 2005 . No work explicitly addresses management impacts on spatial spread, although Kelly and McCallum (1995) raised the point that biocontrol agents that were ineffective at reducing local density of C. nutans could still be effective at reducing spread.
To assess the potential effects of different management strategies on both population growth and spatial spread, we used an approach that combines matrix models of local demography with mechanistic models of seed dispersal. The demographic models are based on data from France in the native range and from New Zealand and Australia in the invaded range (Sheppard et al. 1989 , Shea and Kelly 1998 , Shea et al. 2005 , Jongejans et al. 2006 Transition matrix models (Caswell 2001 ) provide a simple representation of a species' life cycle; each element in such a matrix represents the transition from one life stage to the next. The model can be used to project the dynamics of the population, and various matrix properties have clear biological interpretations. In particular, the dominant eigenvalue, k, is the projected population growth rate (Caswell 2001) , and the elasticities (or proportional sensitivities) indicate the relative contributions of perturbations in the matrix elements to the growth rate (de Kroon et al. 2000) .
The structure of the matrix model for C. nutans is shown in Table 1 . Each of the 16 elements (for example, the L-L transition element, which represents the contribution of large rosettes in one year to the number of large rosettes in the following year) in the 4 3 4 matrix is a composite of several vital rates. Note that there are several vital rates in most elements and that a vital rate may appear in more than one element. These vital rates have clear biological meanings; for example, r 4 is the survival of large rosettes. Table 2 lists the definitions of each vital rate (e.g., growth, survival, seed production) as well as the parameters estimated for each population from a variety of sources (summarized in Jongejans et al. 2008) .
Dispersal was modeled using the mechanistic Wald analytical long-distance dispersal (WALD) model (Katul et al. 2005, Skarpaas and using data from the same regions (Jongejans et al. 2008) . Again, for the New Zealand population, respectively. Stochastic elasticity results are based on 10 000 runs of the simulation model. Ellipses represent quantities for which no parameters exist. There are no k elasticity results for dispersal parameters, as dispersal does not affect local demography. There are no c* elasticity values for the French population as there is no spread when is k , 1. Note that elasticities can be compared across sites, but that vital rate k elasticities and c* elasticities cannot be compared to one another as the raw elasticities do not sum to any particular value (unlike the element-based elasticities, which sum to 1 and to the reciprocal of the natural logarithm of the dominant eigenvalue of the combined demography-dispersal matrix [Neubert and Caswell 2000] , respectively). Data sources are: for La Cavalerie, France, Sheppard et al. 1989 , Jongejans et al. 2006 for Kybeyan, Australia, Shea et al. 2005 , Jongejans et al. 2008 for Midland, New Zealand, Shea and Kelly 1998 , Shea et al. 2005 , Jongejans et al. 2008 . 
The demographic model is a matrix model (Caswell 2001 ) based on vital rates (Jongejans et al. 2006 (Jongejans et al. , 2008 . The matrices represent annual demographic transitions from the end of autumn of one year to the end of autumn a year later. The four stage classes are seeds in the seed bank (SB), small rosettes (S) that have ,20% probability of surviving and flowering in the next year, medium-sized rosettes (M), and large rosettes (L) that have .80% chance of surviving and flowering next year. The dispersal model is the Wald analytical long-distance dispersal (WALD) model (Katul et al. 2005) , which gives the distribution of dispersal distances, r, and is integrated over terminal velocity and seasonal wind conditions to give the seasonal dispersal kernel (using the approach of Skarpaas and Shea [2007] ; see also Jongejans et al. [2008] for computational details). See Table 2 for parameter definitions.
model equations are shown in Table 1 , and dispersal parameter definitions and values are listed in Table 2 .
In general, the vital rates and dispersal parameters differ quite strongly between populations (Table 2 ). For example, the terminal seed settling velocity, F, is much lower in both invaded ranges (seeds fall less quickly and hence disperse further than in the native range), and the growth of small rosettes into the large class in the next year, c 42 , is much higher in the Australian population than in either of the other two locations. However, the relative importance of any differences (or lack thereof ) can only be assessed once the elasticities are calculated.
The demographic and dispersal models for each of the three native or invaded-range locations are combined to allow the modeling of spatial spread using integrodifference equations (Neubert and Caswell 2000 , Neubert and Parker 2004 , Buckley et al. 2005 , Jacquemyn et al. 2005 , Lewis et al. 2006 , Bullock et al. 2008 , Jongejans et al. 2008 ). The models assume asymptotic growth rates within populations and that the environment is spatially homogeneous; obviously these are simplifications of the real world, but the models nonetheless allow us to usefully compare different scenarios. As the joint model is stochastic, we repeated all simulations 10 000 times (unless otherwise stated) and used the medians of these runs to exclude potential extreme outliers arising from the integrated WALD model. This joint model then allows us to project both population growth (k) and population spread (c*) rates for all locations. Standard sensitivity and elasticity analyses (Caswell 2001) can be performed on the model and examined at both the matrix element level (a relatively common approach; see Table 1 ) and at the vital rate level (a relatively new approach; see Table 2 ) of organization; we conducted both types of analysis here. Comparisons of elasticities for population growth and spread give insights into the potential for different relative responses to changes in key vital rates or life cycle transitions. As C. nutans is an important economic weed, a wide variety of single and integrated management strategies has been used to attempt to control it ). Approaches include a wide range of levels and timing of conventional weed control, such as herbicide and grazing strategies (Popay and Medd 1995) . Several insect biocontrol agents have been released in the invaded range; the three key agents are the receptacle weevil Rhinocyllus conicus Fro¨lich, the receptacle gallfly Urophora solstitialis L., and the root-crown weevil Trichosirocalus horridus (Panzer) (Julien and Griffiths 1999) . Note that T. horridus in Australia was recently Spray-grazing application of sublethal dose of herbicide (usually 0.5 to 0.1 the recommended rate) followed by very high stocking rates of sheep or cattle (7 or more DSE/ha) enclosed in the infested paddock ;1 week after herbicide application; reduces rosette and seedling survivorship to 1% J all 4 r multiplied by 0.01} Notes: Shea et al. (2006) collated information on the large number of possible management strategies that have been used for this species, including empirical estimates of impact. The estimates and the modification of the vital rates in the matrix model are summarized here, including additional data on dispersal-related parameters. All c* results are based on 10 000 simulations. For the Australian population, because k is ,1 for all management scenarios, c* does not exist, and there is no projected spread. See Table  2 for an explanation of parameter abbreviations. References are (by superscripted letter): (A) Sheppard et al. 1994 , Kelly and McCallum 1995 , Woodburn 1996b Kelly and McCallum 1990; (C) Sheppard et al. 1994 , Woodburn 1996a Popay et al. 1989 , Dellow 1996 , Harrington 1996 ; (I) Medd 1995, Huwer et al. 2005 ; (J) Pearce 1969 , Huwer et al. 2005 . The abbreviation DSE stands for ''dry sheep equivalents.'' For Australia, ''no control'' resulted in a c* of 4.8994. à Fitted mean height for plants not infested with T. horridus was 683 mm, so the 126 mm effect by moderate infestation was calculated to be 18.5%.
§ Might affect h (R. Huwer, personal communication), but no data exist; this possibility motivates the sensitivity analysis (Fig. 3) . } Might affect H and h, but no data exist; this possibility motivates these sensitivity analyses.
redescribed as T. mortadelo (Alonso-Zarazaga and Sa´nchez-Ruiz 2002), but that this is still under debate as the insects are very similar morphologically and ecologically and their distribution patterns are puzzling (Groenteman et al. 2008) ; where there is uncertainty we here refer to Trichosirocalus. Many of these management methods have been combined in the field, with varying degrees of success (Moore et al. 1989 , Popay and Medd 1995 , Huwer et al. 2005 . Table 3 shows a summary of these management strategies, their estimated impacts (from observational or experimental studies listed in the table), and the associated vital rate modifications made to the models. For example, since U. solstitialis affects developing inflorescences, we simulated its effects by lowering u, the probability that seeds escape floral herbivory, by 70%. In this manner, we assessed all listed management strategies for their impacts on population growth and spread in both invaded-range scenarios. Finally, in order to assess broad patterns in the effects of key vital rate group changes on growth and spread rates, we systematically varied survival parameters, r; growth parameters, c; seed escape from floral herbivory, u; seedling establishment parameters, e; mean plant height, H; and vegetation height, h, over appropriate ranges to assess their potential impact in both Australia and New Zealand. In this analysis, 1000 iterations were run to generate each point on the graph. This approach may also potentially suggest vital rates that have been overlooked as promising management targets.
RESULTS
The main projected population growth results for the native and two invaded-range populations are known from previous work (Shea et al. 2005 , Jongejans et al. 2008 . The population growth rates in both the Australian and New Zealand populations are greater than 1 (indicating sustained population growth). The projected population growth rate in New Zealand (k ¼ 2.7) is more than twice that in Australia (k ¼ 1.2), while the spread rate in New Zealand (c* ¼ 21.3 m/yr) is more than four times that in Australia (c* ¼ 4.9 m/yr). Note that the native range population growth rate is less than 1 (k ¼ 0.6), so there is no spread. Note also that these c* estimates (and c* estimates for additional populations in Kansas, USA, c* ¼ 5.6 m/yr; Pennsylvania, USA, c* ¼ 82 m/yr; and France, c* ¼ 0.34 m/yr with u ¼ 1) differ from those presented in Jongejans et al. (2008) . This is because the site-specific wind speeds (used to calculate wind dispersal at plant height H while assuming a wind speed profile) were measured at 10 m, but the earlier model erroneously assumed 2 m. Clearly, these differences in k and c* arise from differences in the life cycle of the species in the different locations. Examination of the underlying vital rates (Table 2) gives some idea of pairwise differences, but elasticity analyses for vital rates (Table 2 ) and stage transitions (Fig. 1) give deeper insights: larger elasticity values imply that any perturbation to that vital rate will have larger impacts on the growth or spread rate; smaller values imply smaller impacts. Negative elasticity values imply that an increase in that parameter will have a negative effect on population growth or spread. Negative elasticities are seen for retrogression vital rates (if plants die back then that reduces population growth and spread) and for terminal velocities (if seeds have higher terminal velocities they fall to the ground more quickly and hence do not disperse as far, reducing spread) and vegetation height (the higher the surrounding vegetation, the shorter the distance that seeds can fall before they are intercepted and their dispersal is curtailed). Additionally, the elasticity values of the French bolting probabilities (bolting is the development of flowering stalks and is an irreversible commitment to flowering and subsequent death in these monocarpic plants) are negative; this is because in this declining population, survival is more important for population size than sexual reproduction. Interestingly, there is also a negative elasticity for the probability of bolting of small plants in the Australian population. This latter can (k , 1) . The four stage classes are seeds in the seed bank (SB), small rosettes (S) that have ,20% probability of surviving and flowering in the next year, medium-sized rosettes (M), and large rosettes (L) that have .80% chance of surviving and flowering next year. The k elasticities are presented as percentages (they sum to 100%). However, c* elasticities of matrix elements do not necessarily add up to 1. Here we show percentage data (c* elasticities divided by the sum of the elasticities [which is 0.8458 for New Zealand and 4.0763 for Australia] and multiplied by 100 to give a percentage) in order to facilitate comparison between invaded ranges and with the k elasticities (Neubert and Caswell 2000) . In all panels, solid lines represent transitions involving stasis (no movement), while broken lines represent transitions that do involve dispersal. Only transitions with scaled elasticities .1% are shown; thick lines represent elasticities .10%. be better understood once the transition element elasticities are studied in more detail (Fig. 1) . Fig. 1 shows the stage-transition-based elasticities of both k and c*; it examines the importance of perturbation in transitions between the seed bank (SB) and small (S), medium (M), and large (L) rosette categories to population growth (Fig. 1a-c) and spread (Fig. 1d, e) . The French population growth is driven most strongly by the S-S, the S-M, and the L-L transitions. In the Australian population the L-L elasticity dominates, which explains why bolting of small plants, as shown in the vital rate elasticity results, negatively impacts population growth; bolting of small rosettes trades off with the more important transition (i.e., with higher elasticity values) of small rosettes that survive and grow to become large. Note that the elasticity life cycle diagram for Australia differs significantly from the elasticity results presented in Shea et al. (2005) , despite being modeled using the same data. There are four main reasons for these differences (see also Jongejans et al. 2008 ). First, there was an error in the 2005 paper in how the raw data were averaged to generate matrix elements; this artificially inflated some survival and growth rates, and we take this opportunity to correct that error in print. Second, to ensure structural similarity of the model for all three locations, we now calculate the probability of flowering directly from the raw data (not by fitting and using a function, as previously). Third, we no longer assume that all seedlings grow only into small rosettes. Additionally, there is a fourth possible reason for differences; the shift from a matrix-element-based approach to a vital-rate approach (Jongejans et al. 2008 ) may have made a minor quantitative difference in both populations. These four differences cause significant changes to the elasticity results. The implication is that Australian population growth is more due to large plants producing offspring that also grow to a large size than due to survival of rosettes, as previously thought (Shea et al. 2005) . Fortunately, the Australian management implications of the earlier work are still largely supported (see Management results, below). In the New Zealand population, the largest k elasticities are for the S-S, SB-S, and S-SB transitions. This does largely agree with Shea et al. (2005) ; here the only difference is in the way the probability of flowering was calculated (from the raw data, rather than fitting a function), which leads to minor quantitative differences only.
A comparison between the French and New Zealand k elasticities illustrates the utility of the vital rate approach over the simpler transition-based-only approach used previously (Shea and Kelly 1998, Shea et al. 2005) . In both populations, the largest elasticity is for the S-S transition, contributing an average of 36% (34.3% in France, 37.8% in New Zealand). For many purposes, this information would suffice. However, in the context of tailoring management strategies to target population growth or spread, or for predicting spread rates, there is an obvious critical difference; the French S-S elasticity pertains entirely to stasis, while the New Zealand S-S elasticity has only a minor stasis component and is dominated by reproduction and dispersal. In other words the important French S-S transition concerns small rosettes that survive as small plants to the next year, while the New Zealand S-S transition concerns small plants that flower to produce new small plants in the following year. If only general demographic effects are of interest, the distinction is unimportant. However, if the focus is on management or on spatial spread vs. local growth issues, the distinction may be very important. For example, if all of the New Zealand S-S transition was attributable to dispersal, then the spread rate does not change significantly (most of the element is already dispersal). However, if it was all attributable to stasis, then the spread rate would decrease 11.5% from c* ¼ 21.3 m/yr to c* ¼ 18.8 m/yr (while k remains unchanged). Failing to distinguish the two makes no difference to estimated demographic rates at the matrix element level, but could lead to significant errors in estimations of spread rate and management impact. Fig. 1d , e also show the stage transition-based elasticities for c*. The largest elasticities for c* are the same as the largest elasticities for k. Broadly, this implies that for a particular part of the invaded range, spread and population growth are both affected by the same key transitions in the life cycle of the plant.
However, closer examination shows that there are subtle qualifiers to this conclusion. Fig. 2 shows the transition-element-based k elasticities correlated against the c* elasticities for Australia and New Zealand. Most points lie along the line, and the vital-rate-based elasticities (Table 2) are also fairly linear (not shown). This implies that those elements (or vital rates) are equally important for population growth as for spread. However, some points do not lie along the line. Points that lie above the line have a relatively higher elasticity value for wave speed, c*, while points that lie below the line have a relatively higher elasticity value for population growth rate, k. For Australia, the one point above the line relates to the L-L transition (involving dispersal, not survival). Even though it is the largest elasticity for both k and c*, its relative importance to spread is higher. Similarly, the New Zealand S-S elasticity (again through dispersal) is considerably higher than expected from the local population dynamics.
Two transitions have values that were lower than expected in New Zealand: establishment of small plants from the seed bank (SB-S) and contributions from small plants to the seed bank (S-SB). These transitions are always part of life cycle loops (van Groenendael et al. 1994 ) that do not involve dispersal in at least one step. Thus, establishment from the seed bank (e.g., SB-S) is very important locally, but less important for spread because there is no dispersal involved. Similarly, the S-SB step does involve dispersal, but slows the spread as seeds go into the seed bank for at least a year. Most of these slightly anomalous transitions highlighted by Fig.  2 thus imply that specific targeting of these transitions might disproportionately benefit management aimed at either reducing spread (L-L in Australia, S-S in New Zealand) or reducing population growth (SB-S and to a lesser extent S-SB in New Zealand).
Management results
To explicitly explore the relative impacts of different management strategies on population growth vs. spread, we modeled the documented impacts of a wide range of weed management strategies on k and c* for both of the invaded-range populations (Table 3) . Most of these impacts can also be seen in Fig. 3 . As expected, all management strategies reduce both population growth and spread below the no-control baseline values.
For the three biological control agents, Trichosirocalus is projected to have the largest effect on growth rates in Australia, followed closely by U. solstitialis and then R. conicus (Table 3) . In New Zealand, however, U. solstitialis is projected to most reduce population growth, then R. conicus and finally T. horridus. Of the single management options, lethal herbicide generated the most drastic reductions in population growth in both countries (85-94%; Table 3 ). Only the integrated spraygrazing approach (a combination of sublethal herbicide and high stocking rates) generated larger population growth reductions (94-97%). Crash-grazing (3-4 times the normal grazing pressure) performed less well (Table  3) , but improved when applied in more than one season (see also Shea et al. 2006 for Australia).
In the Australian scenario, all management approaches tested reduced k below 1; in such situations there is no spatial spread (assuming spatial homogeneity). In the New Zealand scenario, this also occurred for the most extreme management strategies (spray-grazing and lethal herbicide; Table 3 ). Crash-grazing in New Zealand (based on impact data from Australia) leads to very similar reductions in both population growth rates, k, and spread rate, c* (;15% if applied in one season, ;28-29% if applied in two). This similarity in the impact on k and c* is also seen for the impact of R. conicus, assuming either Australian or New Zealand attack rates (Table 3) . However, as previously predicted (Shea 2004 ) optimal management to control population growth may not always have similar effects on population spread. Effects are highly correlated (Figs. 1 and 2; data points in Fig. 2 mainly lie along the line), and obviously if k , 1, then c* does not exist, and there is no projected spread, but there is some scope for important differences (see the outliers in Fig. 2) . The relative effect of U. solstitialis (51.0% reduction in k, 66.7% reduction in c*) differed rather more dramatically than that for R. conicus. For T. horridus, if we include only documented effects on rosette growth, then k and c* results are similar (;7-8%). Although there is probably a positive relationship between rosette size and ultimate flowering plant height, there is no published information on this, so it has not explicitly been included in this (or previous) models. Thus, our spread models all assume the average documented plant height in each population. However, there are data on Trichosirocalus-induced height reductions for both FIG. 2 . Elasticity values of the matrix elements (based on a 7 3 7 matrix; Jongejans et al. 2008 ) for population growth, k, vs. spread, c* of the invasive thistle Carduus nutans. The results are based on 10 000 simulations. The elasticities are the unscaled values ( Fig. 1 shows the scaled results) , but the line in each panel is scaled (based on the sum of the c* elasticities, which scale to the reciprocal of the natural logarithm of the dominant eigenvalue of the combined demography-dispersal matrix; Neubert and Caswell 2000: Eq. 27 ). For Australia the sum of the c* elasticities is 4.0763; for New Zealand the sum is 0.8458. Most elasticities lie along the line, implying that perturbations in those transitions are equally important to local population growth and to spread. Points above the line represent transitions that, if perturbed, would cause greater changes in spread than in demography; points below the line imply the opposite.
Australia and New Zealand. In the New Zealand scenario, this reduces c* by nearly 30% (while k reductions remain at ;8%). As k , 1 in Australia, height effects cannot be assessed there directly; however, if observed Australian height reductions are applied in New Zealand, a 43% reduction in c* results (again with only an 8% reduction in k). Urophora solstitialis has the largest impact on both k and c* in New Zealand, so management recommendations would not change, but note that R. conicus in New Zealand is ranked above T. horridus from the point of view of impacts on k, but that this is not true from the point of view of c*. With the caveats that biological control is actually very spatially and temporally variable and that the insect dynamics may themselves show context dependency, our model implies that in this case the better of the two agents to control spread is not the better agent if control of population growth is the objective.
Systematic modification of key vital rates allows us to explore their potential impact on spread and population growth rates (Fig. 3) . This also may potentially suggest vital rates that have not previously been the target of management, yet which might generate strong outcomes. The results for decreases in survival (r; Fig. 3a) , escape from insect floral herbivory (u; Fig. 3c ), and establishment (e; Fig. 3d ) are all similar for both population growth and spread. In all three cases decreases in these parameters result in a slow decrease in k and a more dramatic decrease in c*. To stop the Australian and New Zealand populations from spreading, 20% and 80% reductions would be required, respectively. In the case of survival and establishment (Fig. 3a, d ) this highlights a strong potential for FIG. 3 . Effect of systematic proportional decreases in all r, all c, u, both e, as well as decreases in H (down to baseline h; h ¼ 0.04 m for both invaded ranges) and increases in h (up to H; H ¼ 0.9 m for Australia and H ¼ 0.57 m for New Zealand) for k (solid symbols) and c* (open symbols) of the invasive thistle Carduus nutans for both Australia (squares) and New Zealand (circles). Each point is the outcome of 1000 runs of the stochastic simulation. The horizontal dotted line is the k ¼ 1 line; if k , 1, then c* does not exist. See Table 2 for explanations of parameter abbreviations. management strategies that specifically target seedling establishment and survival. Certainly, maintenance of a sward of dense vegetation has been documented to be an effective tool for controlling early life stages (Phung and Popay 1981 , Kelly and McCallum 1990 , Rauschert 2006 , and the effect of such management on spread would be significant, but this can be financially costly in heavily grazed areas or difficult in areas, such as Australia, where drought often limits vegetation growth. The impact of grazing and sward management would also likely be mediated through dispersal parameters. Lowering seed release height (i.e., plant height) down to sward height (Fig. 3e) or alternatively increasing sward height to seed release height in the models (Fig. 3f ) does not affect local population growth but does significantly reduce spread rates of both populations. This indicates that these dispersal-related parameters are efficient targets as well, but only for the case of spread management. As to be expected from the differences in the importance of small vs. large rosettes between Australia and New Zealand, reducing growth rates only has a major impact in Australia; there is little sensitivity to changes in these parameters in New Zealand (Fig.  3b) .
DISCUSSION
In this paper, we have assessed the relative contributions of changes in vital rates to both population growth, k, and population spread, c*. In doing so, we have illustrated the benefits to be gained from a vital rate approach to modeling populations. We have also confirmed previous predictions (Shea 2004 ) that optimal management may strongly depend on the detailed objective (particularly extending the objective of ''control'' to more specifically stating ''reducing abundance'' or ''limiting spread''), confirmed old and presented new management results, and also suggested underutilized management strategies for future exploration.
As previously reported, and as expected, this species has higher growth and spread rates in the invaded range (represented by the Australian and New Zealand populations in this study) than in the native range (represented by the French population). Both are higher in New Zealand than in Australia, but not by the same proportion: k in New Zealand is more than twice as high, while c* is more than four times as high as in Australia. Spread rate differences arise from both demography and dispersal (the details can be found in a Life Table Response Experiment analysis in Jongejans et al. [2008: Appendix S2] ), while k depends only on demography. The relative difference between these c* and k differences result from interactive effects of changed demography and dispersal. This relative difference already suggests that management impacts and ranking may differ both between the invaded ranges (Shea et al. 2005 ) and for different objectives.
For the three biological control agents, Trichosirocalus is projected to have the largest effect on growth rates in Australia, followed closely by U. solstitialis and then R. conicus (Table 3) . This agrees qualitatively with prior results based on a matrix element approach presented in Shea et al. (2005;  the small quantitative differences arise from the differences in parameterization described in Results and the change from an element-based to a vitalrate-based approach) and with prior results based on an individual-based modeling (IBM) approach in Shea et al. (2006) (the ranking is identical for all management strategies tested here; quantitative comparisons are not possible as the IBM measured success based on the cumulative probability of extinction over multiple stochastically simulated populations). In New Zealand, U. solstitialis is projected to most reduce population growth, then R. conicus, and finally T. horridus. The optimal strategy is unchanged from prior work (U. solstitialis is the best agent), but the relative ranking of the other two lesser agents has now changed; previously T. horridus was ranked second. This shift in ranking is mainly attributable to T. horridus; in the previous study it was projected to nearly halve the population growth rate, whereas the present paper suggests an expected 8% decline in k. This is a direct consequence of the change from an element-based to a vital-rate-based approach. Trichosirocalus horridus was previously modeled as having an effect on the whole of each element it affected, but the vital-rate approach allows us to explicitly separate survival and reproductive terms. As T. horridus affects c parameters (growth of nonflowering, surviving plants), and as the major part of the affected transitions at the New Zealand site, such as S-S, are reproductive, this means T. horridus now has a much smaller impact than previously modeled.
In most respects there is a strong congruence for elasticities of population growth, k, and spread, c*, in a given part of the invaded range (Fig. 1 ). This agrees with earlier work in other systems (e.g., Caswell et al. 2003) , which found that spread and growth at a location are both most strongly affected by the same life cycle transitions. However, departures from the scaled 1:1 relationship (Fig. 2) indicate vital rates that may disproportionately affect either spread or growth. For example, the L-L transition in Australia has very large transition-based elasticity values, both for k and for c* (Fig. 1) . However, as this transition is dominated by reproduction of large plants (rather than survival to the next year) it is relatively more important to c* than to k (Fig. 2a) . Similarly, as the New Zealand S-S transition is predominantly dispersal-related, it lies well above the scaled 1:1 line, while the SB-S and S-SB transitions are relatively more important to population growth, as explained in Results.
The New Zealand S-S transition illustrates that considerable insight can be gained from a vital rate approach over an element-based matrix model. Elementbased comparisons for France and New Zealand would note the similarity of this term in each location, whereas the vital-rate-based approach strongly demonstrates how different they are and how critical the distinction is if understanding spread is an objective (see Results). This same transition also illustrates that management projections may improve in specificity as a result of the greater detail included. The same management strategy, with impact described in the same way, may need to be incorporated in different model versions in different ways. In this paper, we have contrasted transition-based and vital-rate-based matrix approaches. They are very closely related. For example, in both cases, plant growth is modeled as the probability of moving between size classes (c). In other models for this system, such as the IBM developed for Australian management or in an integral projection model (IPM) structure (Metcalf et al. 2008 (Metcalf et al. , 2009 E. Jongejans et al., unpublished manuscript ) the actual size of individuals or their continuous size distribution is modeled, so that plant growth can be incorporated in more detail. However, despite strong structural similarities between the element and vital-rate-matrix approaches there are important differences. In the element-based approach, whole elements are perforce affected at the same time, even if some part of that element might not have been involved biologically. In the vital-rate-based approach alterations can be applied with finer resolution. As outlined above, the shift in relative ranking of T. horridus from second to third in projected impact in New Zealand is attributable to the change from an element-based matrix model, where the weevil affects an entire element (Shea and Kelly 1998, Shea et al. 2005) , to a vital rate matrix model (as illustrated in this paper), which correctly delimits the role of plant growth in that element and hence reduces the projected impact of this weevil.
Finally, there is another advantage of the vital-rate approach: looking for management strategies that have not been considered previously or that might be more efficacious than previously considered. We modified key groups of vital rates to explore their impacts on k and c*. Establishment of fresh and older seed (e, e 1 ) is not directly impacted by any of the management strategies we explored, yet reducing establishment potentially has as strong an impact as reducing survival or increasing floral herbivory (Fig. 3) . One possibility is to reduce overgrazing, reducing microsites for germination and establishment, as microsite availability has been found in field experiments to be key to thistle spread (Jongejans et al. 2007 ). This has been suggested before (Wardle et al. 1995 , Rauschert 2006 ; our study suggests that further investigation might yield significant rewards. Lower stocking rates would likely also increase sward height, h, augmenting the reduction in dispersal and hence spread. The model also prompts us to look for other possible effects of existing management if spread reduction is important. Management impacts on dispersal parameters have been relatively little explored, though work is ongoing to assess insect impacts on dispersal parameters such as terminal velocity (K. M.
Marchetto et al., unpublished manuscript) and mowing impacts on demography and dispersal parameters such as seed production and plant height (R. Zhang and K. Shea, unpublished manuscript) .
In large part other management results for population growth control broadly agreed with and confirmed earlier results. For the Australian population, as all tested management strategies reduced k below 1, there are no spread predictions to rank. This mirrors the situation for the unmanaged (and managed) population projections in France. However, even though these local populations are not growing and spreading, dispersal is probably not unimportant: despite k , 1 due to high levels of herbivory (Jongejans et al. 2006) , the species has persisted in Europe for a long time, probably as a fugitive species in a metapopulation context. In New Zealand, a few of the higher impact management strategies also reduced k below 1, and the relative reductions in k and c* were similar for other management strategies (e.g., crash-grazing). However, there were some strong differences in relative reductions in k and c* for U. solstitialis and also for T. horridus if plant height effects were taken into account. This changes the relative ranking of R. conicus and T. horridus, depending on whether control of population growth or population spread is the more desired outcome, and therefore could alter which of the two biocontrol agents was preferred for release in a new area. The possibility of such shifts in relative projected ranking have been predicted theoretically (Shea 2004 ), but never before demonstrated using field data.
